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ABSTRACT
Yellow perch (YP) are metal tolerant fish that form large populations in many

metal-impacted regions across Canada. While they are able to survive and repro-
duce successfully in environments with water and sediment metal concentrations
that are toxic to many invertebrates, perch experience a suite of direct and indirect
impacts. YP were studied in a series of Canadian Precambrian Shield lakes near Sud-
bury, Ontario, along a gradient of metal exposure downwind from metal smelters.
In lakes at the high end of our exposure gradient, concentrations of metals (Cu, Ni,
and Cd) in YP liver and kidney were well above levels seen in fish from reference
lakes. Direct effects linked to metal-exposure were observed, ranging from effects
at the cellular level, to effects in organs and tissues, individuals, and populations. In
addition to direct or physiological effects, we also documented indirect, foodweb-
mediated effects of metals on YP in the most contaminated lakes resulting from the
elimination of metal-sensitive large benthic invertebrates and their replacement by
small metal-tolerant taxa. The most common indication of such indirect effects on
YP is severely stunted growth coupled with a high degree of zooplankton depen-
dence throughout their life. Such indirect effects have important implications for
ecological risk assessment (ERA) because they indicate that higher trophic levels may
be functionally altered even though the functional groups that they depend on are
present and abundant. Although the functional groups important to yellow perch
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can be abundant in metal-impacted lakes, their benthic communities are impover-
ished and this is strongly reflected in their size structure upon which energy transfer
to higher trophic levels depends. Thus indirect (foodweb-mediated) effects can be
important in situations where invertebrate size structure is impacted in such a way
as to reduce the efficiency of energy transfer to higher trophic levels, and therefore
measures should be taken to protect and/or restore large sensitive benthic species.

Key Words: metals, fish, yellow perch, direct effects, indirect effects, foodweb, cor-
tisol, energetics.

INTRODUCTION

Combining Laboratory and Field Studies to Detect Ecosystem-Level Metal Impacts

Attempts to characterize the effects of metals on aquatic biota usually rely on
laboratory toxicity tests performed on individual species. Their aim is to evaluate
key toxic endpoints (both lethal and sublethal) and to determine the “predicted
no-effect concentration” (PNEC) of the metal in water, sediment or tissues, for a
prescribed set of test species that span a broad range of sensitivities (Borgmann
et al. 2001; Milani et al. 2003). In applying guidelines determined in this way, it is
assumed that in a field situation a high proportion of the species can be protected.
This approach assumes that the statistical distribution of sensitivities among the test
species reflects that found in the natural system (see Brix et al. 2001) and also, that
metals are affecting the target species directly, either via water-borne or diet borne
metal exposure.

Species interact within ecosystems and can be assigned to different functional
groups (e .g ., herbivores, benthivores, or piscivores); each functional group contains
species that are considered to be more or less similar in terms of their energetic role
(functional redundancy, Huston 1994). PNEC values can be chosen so as to protect
ecosystem function (i.e ., at least a portion of each functional group is preserved),
although elements of functional group structure, for example, the number and type
of species present, may be compromised. An indirect effect is an effect on a species
resulting secondarily from a direct effect on another species, for example its prey.
If significant indirect effects are detected—even though all functional groups are
present (although some taxa may be missing), then it could be argued that the pres-
ence of all functional groups is not sufficient to preserve ecosystem integrity, and
that changes in the structure (or composition) of functional groups can have impor-
tant consequences. Thus indirect (foodweb mediated) effects should be important
in situations where functional group composition is affected by direct metal impacts
in such a way as to affect energy transfer within the foodweb.

An alternative to the laboratory approach to setting PNEC for ecosystems in-
volves direct comparison of ecosystem parameters between impacted and reference
systems, in order to determine levels of exposure in water or sediment that can be
considered acceptable. Such field studies are capable of detecting indirect effects on
fish resulting from effects at lower trophic levels, as well as direct sublethal effects on
the fish. In a whole lake acidification experiment, Schindler (1988) described bioen-
ergetic and reproductive effects on the top predator, the lake trout (Salvelinus namay-
cush), a relatively acid-tolerant species, resulting from the elimination of its major
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prey species by direct effects of low pH. Several highly impacted mining areas have
been studied using this approach (Munkittrick and Dixon 1988; Munkittrick et al.
1991; Cain et al. 1992; Cain and Luoma 1998), but these studies have often concen-
trated on site-specific biological comparisons at the expense of general applicability.
Although this field-based approach is more capable of detecting shifts in foodweb dy-
namics resulting indirectly from metal-impoverished functional groups than a purely
lab-based approach, field studies have sometimes failed to characterize the exposure
regime in sufficient detail (e .g ., metal concentrations and speciation in water and
sediment, pH, hardness, alkalinity, DOC) to allow direct comparison with laboratory
studies and to generalize results for use in risk assessment (Campbell et al. 2003).

The Yellow Perch: A Sentinel for Direct and Indirect Sublethal Effects of Metals

Historically, lakes in the Sudbury, Ontario region were subjected to very high
levels of acid and metal loading from industry emissions, which resulted in the elim-
ination of many common species of fish and invertebrates (Keller 1992). One of the
species that has proved most resistant to this impact, by virtue of high acid and metal
tolerance in gills and other tissues (Niyogi et al. 2004; Lacroix and Hontela 2004),
is the yellow perch (Perca flavescens, YP), which remains the sole abundant species
in many lakes that formerly held diverse communities composed of salmonids, per-
cids, and a variety of centrarchids and cyprinids (Gunn et al. 1995; Gunn & Mills
1998). The geographic range of YP is broad, and in addition, YP are relatively seden-
tary, therefore metal body burdens reflect local sources (Aalto and Newsome 1990;
Hontela et al. 1995; Miller 2003).

Direct effects of metal exposure on yellow perch

YP that survive in a metal-impacted environment can still be adversely affected
throughout life by sublethal toxic effects acting directly on a variety of biochemical,
cellular, and systemic processes. The defense mechanisms that YP rely on to resist
and survive metal toxicity are poorly understood. Many trace metals induce synthesis
of metallothionein (MT) (Laflamme et al. 2000; Giguère et al. 2005, 2006), which
sequesters metals and likely enhances survival. YP have been shown in laboratory
studies to be less sensitive to metals than rainbow trout; for example the LC50 for Cd
is ∼400 times higher for YP than rainbow trout (Niyogi et al. 2004), and the viability,
functional integrity, and membrane transport characteristics of cortisol-secreting
head kidney cells are more resistant to Cd than those of rainbow trout (Lacroix
and Hontela 2004; Raynal et al. 2005). Although YP survive in metal-impacted lakes,
adverse sublethal effects on gill morphology and function (Levesque et al. 2003)
and on a variety of endocrine and physiological functions have been demonstrated
(Brodeur et al. 1997; Hontela 1997; Laflamme et al. 2000; Rajotte and Couture 2002;
Levesque et al. 2003). These cellular and biochemical alterations involve homeostatic
challenges that, when considered together, are likely energetically costly.

Indirect (foodweb mediated) effects of metal exposure on yellow perch

Many of the prey species that YP feed on are highly sensitive to metal impacts
and their absence can reduce the size these fish attain, despite the presence of all
functional groups that YP require (Sherwood et al. 2000, 2002b; Kovecses et al. 2005).
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Young YP feed on zooplankton during their first year, and shift to progressively larger
prey (first zoobenthos, then fish) as they grow (Boisclair and Leggett 1989a). These
diet shifts reflect the presence of a diverse size range of benthic organisms in most
lakes and therefore reflect the functional integrity of the foodweb (Figure 1a). Al-
though zooplankton community impoverishment occurs in metal-impacted lakes,
mainly due to impacts on Daphnia spp (Yan et al. 1996), the most impoverished func-
tional group in metal-impacted lakes is the zoobenthos, and the effect is greatest
on the larger taxa such as Hexagenia, amphipods and macrocrustaceans (Gunn and
Mills 1998; Kovecses et al. 2005; Iles and Rasmussen 2005). The indirect reduction
of YP growth resulting from the absence of large zoobenthic taxa in metal-impacted
lakes is likely due to a reduction in the efficiency of energy transfer (Sherwood et al.
2002a,b) because the ability of fish to feed and grow on small prey is progressively
reduced as fish grow (Persson 1987) and diet shifts to larger prey are necessary to
maintain high growth efficiency (Pazzia et al. 2002). Thus the zoobenthic impover-
ishment, which we observed in metal-impacted lakes of the Rouyn/Noranda region,
limits the opportunities for YP to switch to larger prey, and ultimately the size they
attain (Figure 1b). Thus the trophic ecology of YP can indirectly reflect the integrity
of the lake foodweb.

Impoverishment of zoobenthos (and other functional groups as well) is very strik-
ing in lakes of the Sudbury area where acid and metal-rich smelter emissions have
impacted lakes for many years (Keller et al. 1999). Borgmann et al. (2001), using the
Sediment Quality Triad, showed that benthic community impoverishment in the Sud-
bury lakes could be explained as a direct result of the toxicity of the metal-enriched
surficial sediments to sensitive benthic species. The Sediment Quality Triad (Chap-
man 1996, 2000) combines sediment chemical analysis, in situ analysis of benthic
communities, and bioassays of sediment toxicity measuring both survival and growth
of key benthic taxa such as Hexagenia, Hyalella, Chironomus, and Tubifex. Borgmann
et al. (2001) linked the Triad to metal bioaccumulation by Hyalella (see Chapman
et al. 1997) and showed that the metal most often exceeding toxic limits in the Sud-
bury lakes was nickel (Borgmann et al. 2001). Thus, metal-related impoverishment of
the benthic community in lakes of the Sudbury region and in other metal-impacted
regions is well established, and is understood to be a direct result of metal burdens
in water and sediment.

Hypotheses

Our model of the trophic shifts of YP as a sentinel for indirect foodweb effects of
contaminants was developed on the basis of studies in the Rouyn/Noranda region
where copper smelter emissions have simplified the zoobenthic communities in the
lakes east of Noranda (Sherwood et al. 2000, 2002a; Campbell et al. 2003; Kovecses
et al. 2005). In order to establish the generality of this model, and to examine the
relationship between direct and indirect effects of metals, we conducted a foodweb
and physiological field study on a series of lakes reflecting a gradient of metal impacts
near Sudbury, Ontario, Canada.

The key hypothesis to be tested regarding direct effects was that there exists a
mechanistic link between metal concentrations in fish tissues and the manifesta-
tion of deleterious physiological effects at the organism and population levels. We
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Figure 1. Comparison of the trophic niche of yellow perch within the foodweb of
(a) an unimpacted lake with a diverse size range of benthic prey, and
(b) an impacted lake where large benthic prey have been lost. Based on
Sherwood et al. (2002a) and Kovecses et al. (2005).
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hypothesized that we would observe an exposure-dependent impairment of the cor-
tisol stress response similar to the pattern observed in our Rouyn/Noranda studies,
even though the metal loading profile differed between the two regions.

For indirect (foodweb mediated) effects, we investigated the following linkage:
chronic metal exposure → reduced food abundance of key dietary components →
increased energetic costs of feeding → reduced growth/condition and ultimately
stunting. Thus we looked for evidence of “energetic bottlenecks” imposed by the
absence of key prey components that are necessary for normal diet shifts and growth
to occur. We hypothesized that:

1. Diversity and size of the zoobenthic community would be reduced in contami-
nated lakes, and that adult YP would exhibit a higher degree of reliance on small
prey in metal-impacted lakes than in the reference lake.

2. YP populations would exhibit stunted growth and reduced condition at age 2+
and older in contaminated lakes where diet shifts do not occur, and more rapid
growth in reference lakes, where the benthic community is conducive to diet
shifting.

3. Activity costs would be lowered (down regulation of the glycolytic pathway as re-
flected by LDH activity in white muscle) following well-defined diet shifts (plank-
tivory to benthivory at age 2+, and benthivory to piscivory at age 3+) in the
reference lake but not in metal impacted lakes.

We expected that both direct and indirect effects related to metal exposure would
affect the metabolic budget of the YP and be difficult to partition. However, we hy-
pothesized that energetic bottlenecks resulting from benthic community impover-
ishment would mainly affect fish 2+ and older, and our study thus centers mainly on
this benthivorous stage of their life-history. Analysis of the zooplanktivorous stage is
limited to a comparison of size and condition of 1+ YP among lakes, along with a
comparison of the size of zooplankton consumed across the gradient of lakes.

The Study Area

Lakes in the Sudbury region (latitude 46’37”, longitude 80’48”, Figure 2) have
been subjected to high levels of metal loading from industry emissions. The metal
contamination profile for Sudbury area lakes is different from that of Noranda lakes
where our previous studies were conducted (Campbell et al. 2003), and the difference
reflects the ore bodies mined in the two regions. Thus [Ni] is ∼10 times [Cu] in
Sudbury lakes, whereas, the opposite is true in Noranda lakes; [Cu] in water is roughly
similar in the most contaminated lakes of the two regions. Although [Cd]<<[Cu] in
both regions, it is somewhat more important in the Noranda region (Cd:Cu ∼ 1:30)
than in the Sudbury region (Cd:Cu ∼ 1:100). Despite improved emission controls
in recent years that have led to declines in concentrations of metals such as nickel,
copper, and cadmium in lake sediments (Keller 1992), the metal concentrations in
the lakes (Table 1) still remain high enough to be toxic to aquatic communities.
Borgmann et al. (2001) compared present day Ni and Cu concentrations in lakes
near Sudbury that were directly impacted by smelter fallout (surficial sediments >10-
fold elevated), to lakes located 10–15 km downwind (surficial sediments 2–3 fold
elevated), and to unimpacted reference lakes northwest of Sudbury. In their work,
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Figure 2. Map showing the relationships between the study lakes, the municipal-
ity of Sudbury ON, and the Coniston, Copper Cliff, and Falconbridge
smelters.

sediment toxicity to benthic invertebrates was measured with a battery of growth
and survival bioassays with Hyalella azteca, Hexagenia limbata, and Chironomus riparius.
The structure of the benthic community in lakes of the Sudbury area reflected their
toxicity. Hyalella, as well as other amphipods, were rare except in the reference lakes;
Hexagenia were also scarce, and Pisidium and other mollusks were absent from the
most contaminated lakes. Estimates of 96-h LC25 and LC50 values determined for
Hyalella, Hexagenia, Chironomus, and Tubifex by Milani et al. (2003) were all below the
range of sediment Ni, Cu, and sometimes Cd concentrations observed in the highly
contaminated lakes, and for Hyalella and Hexagenia, below the levels measured in
the medium range lakes as well.

Comparing the LC25 and LC50 values for the four benthic taxa to the range of
sediment concentrations for Ni found in Sudbury lakes, Milani et al. (2003) indi-
cated that sediment metal levels in all but the reference lakes were highly toxic to
Hyalella, most of those in the highly contaminated lakes were highly toxic to Hex-
agenia, marginally toxic to Chironomus, and relatively benign to Tubifex. Although
the laboratory sediment toxicity tests used to obtain the LC50 and LC25 estimates
in these studies involve spiking sediments with metal salts that may potentially be
more bioavailable than metals found in lake sediments, it should be noted that the
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Table 1. Metal concentrations measured in water, surficial sediment, and perch
tissues from Lakes of the Sudbury region.

Highly contaminated
Intermediate Reference

Hannah†† Middle†† Crowley†† Richard†† Geneva†

Water
Cd (μg/L)† 0.5 0.3 0.2 0.2 <0.03
Cu (μg/L) 22 24 11 8 1.27
Ni (μg/L) 111 114 55 57 1.9
pH 7.3 6.9 6.3 7.3 6.6
Alkalinity (mg/L

CaCO3)
16.9 11.7 2.1 29.9 8.2

DOC mg/L 3.6 3.6 3.3 4.1 7.2
Ca (mg/L) 10.6 11.0 2.1 17.4 3.0
Area (ha)∗∗ 27.7 28.1 43.5 83.6 356
Mean depth (m)∗∗ 4 2 6.4 3.9 6.3
Max depth (m) 8.5 15 16 9.5 25.3
Distance from

Sudbury (km)
6 6 12 9 53

Surficial Sediment§

Cd (μg/g ww) 0.69 0.93 0.14 0.16 0.16
Cu (μg/g ww) 629 555 61 87 4.9
Ni (μg/g ww) 558 641 55 142 9.9

Perch livers (±SEM, n)∗
Cd (μg/g dw) 15 ± 0.8, 30 19 ± 1.1, 23 29.3 ± 2.2, 37 9.6 ± 0.7,27 2.0 ± 0.7, 26
Cu (μg/g dw) 672 ± 113,30 272 ± 50,23 69 ± 7.1, 37 33.9 ± 4.0,27 13.7 ± 0.5,26
Ni (μg/g dw) 5.6 ± 0.8,30 3.6 ± 0.8,23 1.9 ± 0.6, 37 3.9 ± 0.7, 27 0.14 ± 0.6,26

Perch kidney (±SEM, n)∗
Cd (μg/g dw) 18.2 ± 1.5,30 42.3 ± 3.4,23 36.5 ± 5.2,37 15.3 ± 1.7,27 3.5 ± 0.6,26
Cu (μg/g dw) 112 ± 41.9,30 16.5 ± 1.4,23 13.2 ± 1.7,37 14.7 ± 1.7,27 9.6 ± 0.5,26
Ni (μg/g dw) 71.6 ± 16.3,30 51.0 ± 25,23 17.4 ± 1.7,37 14.5 ± 2.1,27 8.7 ± 6.5,26

∗Gagnon and Hontela, unpublished data, †Couture, Laurentian University, pers comm.,
††Keller et al. (2004). ∗∗Carbone et al. (1998), §J. M. Gunn unpublished data.

sediment bioassays carried out by Borgmann et al. (2001) on unspiked lake sedi-
ments also support the conclusion that sediments in Sudbury area lakes are often
toxic to Hexagenia and Hyalella.

Our study examined five lakes from the Sudbury region. Although the set of
lakes we studied overlapped only partially with the set studied by Borgmann et al.
(2001), they spanned the same range of metal concentrations in water and sedi-
ment (Table 1). Because the precise make-up of the metal loadings in the Sudbury
region is different from those impacting the Rouyn/Noranda lakes and YP are abun-
dant in the Sudbury lakes, the Sudbury region provided an excellent system to
test the general applicability of our previous findings regarding direct and indirect
effects.

Metal exposure regime of the Sudbury lakes

We studied a series of Precambrian Shield lakes near Sudbury along a gradi-
ent of metal exposure at different distances from the smelters (Table 1; Figure 2).
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None of the lakes have significant fisheries and all except Crowley Lake (46◦ 23′

N, 80◦ 58′ W) have some shoreline houses, but no significant development. All
sampling took place during June 2002. Hannah (46◦ 26′ N, 81◦ 02′ W) and Mid-
dle (46◦ 26′ N, 81◦ 02′ W) Lakes are located in the same catchment, 6 km south
of one of Sudbury’s largest smelters. Both lakes were highly acidified and metal-
contaminated by the 1950s, but have been recovering since they were limed in the
1970s. This intervention raised the pH to circumneutral levels and lowered the
metal concentrations in the water column. Nevertheless, sediment metal concentra-
tions remain high (Table 1), so these lakes are categorized as “highly contaminated”
in the present study. YP in both lakes comprise >90% of fish biomass, with small
populations of brown bullhead (Ameiurus nebulosus) and Iowa darters (Etheostoma
exile). Small populations of golden shiners (Notemigonus crysoleucas) and northern
redbelly dace (Phoxinus eos) are also present in Middle Lake (Iles and Rasmussen
2005).

Richard (46◦ 26′ N, 80◦ 55′ W) and Crowley Lakes are categorized as “interme-
diately contaminated” lakes based on metal concentrations in water and sediments
(Table 1). The Crowley Lake fish community is similar to that of the most contam-
inated lakes (Iles and Rasmussen 2005) in that it is dominated by YP with a small
population of Iowa darters. The Richard Lake fish community is more diverse, with
additional populations of largemouth bass (Micropterus salmoides), smallmouth bass
(Micropterus dolomieu), northern pike (Esox lucius), pumpkinseed (Lepomis gibbosus),
white suckers (Catostomus commersonii), golden shiners (Notemigonus), and central
mudminnows (Umbra limi).

Geneva Lake (46◦ 46′ N, 81◦ 33′ W), located north of Sudbury upwind from indus-
try emissions, was never acidified or heavily contaminated with metals, and served
as a reference lake for this study. It is considerably larger than all the other lakes;
however, only the southern bay was sampled, which is of comparable size to the
rest of the lakes and is only connected to the main part of the lake by a narrow
channel. In addition to YP, Geneva Lake has a very diverse fish community (Iles and
Rasmussen 2005) including: walleye (Sander vitreus), largemouth bass, smallmouth
bass, northern pike, brook trout (Salvelinus fontinalis), lake trout (Salvelinus namay-
cush), pumpkinseeds, white suckers, brown bullhead, burbot (Lota lota), darters, and
golden shiners.

METHODS

Fish Measurements

To determine the biochemical and physiological status of the indigenous fish in
each lake, YP (age 1+ to 4+) were collected in the early summer (June 2002). These
specimens were used for the following determinations.

Contamination indices

Cd, Cu, and Ni concentrations were measured in liver and kidney. These mea-
surements revealed how the contamination indices vary within the Sudbury region
and enabled us to test the link between exposure and effects on fish.
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Physiological indices

Blood samples were collected and analyzed for hormones (cortisol). The func-
tional integrity of the interrenal organs secreting cortisol was assessed in vitro using
the adrenocorticotropic hormone (ACTH) challenge test (Laflamme et al. 2000).
These measures, obtained on adult specimens of similar age (2+ to 4+ age class,
n = 20) from the studied lakes, enabled us to evaluate the endocrine status of the
indigenous fish.

Ecological parameters

Fish collection. Each lake was sampled over 1 day in the last week of June 2002,
over a month after YP had finished spawning. Fish were caught in gill nets, 1.5 cm
mesh minnow nets and by angling. No attempt was made to sample young-of-the-
year. Nets were set during the afternoon, and were checked for fish every 30–45
min. Approximately 120 YP were obtained from each lake, from as wide a range
of body sizes as possible. Fish were sacrificed after capture, immediately placed on
ice, and were later frozen at –20oC for subsequent diet and enzyme analysis. Both
weight (nearest 0.1 g) and total length (nearest mm) were measured. Fish were aged
using opercular bones. Most of the YP >3+ years of age were aged, but only about
half of the 1+ and 2+ group were directly aged. The remaining fish were assigned
to age groups based on interpolation of length together with the length-frequency
distribution cohort they belonged to. Fulton’s condition factor (FCF), an indicator
of energetic performance, was calculated as:

FCF = 100 * Weight (g) / Length (cm)3 (1)

Invertebrate collection. From 5–9 zoobenthic samples were taken from the study
lakes at the same time and location as the fish. Samples were taken at a range of
depths in the littoral zone in a variety of microhabitats. Kicknet samples (0.2 m2)
were taken at 0.5 m depth, and Ekman grabs (0.025 m2) were taken at 1 and 2 m
depths. Samples were stored for a few hours on ice prior to being frozen at –20o C.
Zoobenthic samples were sorted using a dissecting microscope and invertebrates
were identified to order, counted, measured, and dried at 55oC for 48 h to obtain
a dry weight measurement and to estimate the abundance. The Shannon–Weiner
Index of Diversity (H’; Magurran 1988) was used to compare average invertebrate
diversity of benthic samples between lakes:

H′ =�pi ln pi (2)

where pi is ni/N, ni is the number of individuals in the ith order and N is the total
number of individuals in the sample. The benthic invertebrates were assigned to
size classes based on individual dry weight. The limits defining the eleven size classes
were the same as those chosen by Boisclair and Leggett (1989b).

Perch diet composition. YP diet was determined from stomach contents of 45 fish per
lake. Individual prey items were identified, counted, measured, and dried at 55o C for
48 h to obtain a dry weight estimate of each order. The % occurrence of each prey
taxon (percentage of fish containing the prey taxon) and the % weight of each prey
taxon (percentage of total stomach contents dry weight that prey taxon accounted
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for) were determined for each age class for each lake. Those prey taxa with both a
high per cent occurrence (a common prey) and a high percent weight (a profitable
prey) were deemed to be the most important prey for that age class in that lake.

Lactate dehydrogenase analysis. Lactate dehydrogenase (LDH) activity was mea-
sured for the same fish used for stomach analysis and chosen to encompass the
range of YP sizes present in each lake. Sample preparation and analysis methods
closely followed the protocol described by kit specifications (LDH-optimized, Sigma
Diagnostics) and the slight modifications of Sherwood et al. (2002a). All samples were
run in duplicate and the average coefficient of variation for all LDH assays was <5%.

Statistical analyses. Mean YP, prey, and invertebrate weights were compared using
one-way ANOVA after checking for normality and uniform variance, followed by
Tukey–Kramer multiple comparison tests (p = .05). The significance of diet shifts
for resetting YP LDH activity was determined using ANCOVA with body weight as
the continuous variable and diet categorized with two dummy variables defining the
shifts from planktivory to benthivory and from benthivory to piscivory (see Sherwood
et al. 2002a for details). ANCOVA models were compared with simple linear models
with F -ratio tests to determine if the inclusion of diet categories accounted for a sig-
nificant proportion of the variation in the data. Diet categories were assigned based
on stomach contents. YP with empty stomachs were not included in the ANCOVA
analyses.

RESULTS AND DISCUSSION

Analysis of Metal Concentrations in Fish Tissues

Metal concentrations in YP livers generally reflected levels in water and sediment.
Of the three metals analyzed, liver Cu exhibited the best relationship to the exposure
regime. Levels were highest in Hannah and Middle lakes, intermediate in Crowley
and Richard lakes, and much lower in Geneva than in any of the four impacted lakes
(Table 1). For Cd and Ni, levels in all four impacted lakes were higher than in Geneva,
but concentrations were no higher in the highly contaminated lakes than in the
intermediate lakes. Although Ni concentrations in water and sediment were higher
than those of Cu, tissue concentrations of Ni were lower. Metal concentrations in
kidney tissue did not reflect sediment and water levels as well as liver concentrations.
Although kidney concentrations of all three metals, Cd, Cu, and Ni, were higher in
the exposed lakes than in the reference lake, with the exception of high Cu levels in
Hannah Lake, the concentrations observed in the highly contaminated lakes were
in the same range as those seen in the intermediate lakes. Thus the metal that best
reflects the exposure gradient in fish livers in the Sudbury lakes is Cu, whereas in
the Rouyn/Noranda lakes the best relationship to exposure was seen in liver Cd
concentrations (Laflamme et al. 2000).

Impairment of the Cortisol Stress Response—Direct Effect

We tested the relationship between metal exposure and the capacity to secrete
cortisol (an endocrine indicator of physiological fitness. Two measures were carried
out using 2–4+ YP; plasma cortisol, which is a measure of the capacity to respond to
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Figure 3. Cortisol stress response in yellow perch sampled in Sudbury lakes. A)
Plasma cortisol F4,110 = 3.1, p = .01; B) Maximal cortisol secretion by
head kidney stimulated by ACTH in vitro. F4,97 = 5.68, p = .0004.

the capture and confinement challenge (Figure 3a), and in vitro cortisol secretion
by isolated head kidneys stimulated with an optimal dose of ACTH (Figure 3b), a
potent secretagogue for cortisol secretion. Fish from Geneva lake (reference) re-
sponded to the stress of capture and confinement by mounting a strong cortisol
stress response, with levels within the normal range for unimpacted YP (Laflamme
et al. 2000; Levesque et al. 2003). Fish from the four impacted lakes, although cap-
tured, handled, and confined in the same way, mounted a much weaker response,
with plasma cortisol levels on the order of half of those exhibited by the Geneva Lake
fish. Although the differences were large, they were only marginally significant due
to the large variability within each lake (Figure 3), and only Richard Lake was sig-
nificantly lower than the reference lake (F4,112 = 3.1, p = .01). In the in vitro ACTH
challenge test, the responses exhibited by the head kidneys isolated from Geneva
Lake fish were high, and within the normal range seen previously in unimpacted
YP (Laflamme et al. 2000). The head kidney tissues from metal-impacted fish had a
lower capacity to respond to the ACTH challenge. In this in vitro test the variance
was not as great as that seen for plasma cortisol levels, and therefore the level of
significance was greater for this comparison (Figure 3b); Geneva Lake was signifi-
cantly different from Middle, Hannah, and Richard lakes (F4,97 = 5.68, p < .0005).
Interestingly, the fish from strongly impacted lakes (Middle and Hannah) had very
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similar levels of both plasma cortisol and in vitro cortisol production to those of fish
from intermediate lakes. In fact, fish from Richard Lake had the most impaired cor-
tisol stress response, both in terms of plasma cortisol and in vitro production, and
this matches the pattern seen for growth of 1+ YP.

Analysis of the Benthic Invertebrate Community and the Perch Diet

Our analysis of the zoobenthic communities in Sudbury lakes support the findings
of Borgmann et al. (2001) using the Sediment Triad toxicity assessment, and the 96-
h benthic invertebrate LC25 and LC50 estimates of Milani et al. (2003). Many of
the large invertebrates that play a key role in the diet of YP were absent or rare
in metal-contaminated lakes. Thus crayfish, Hexagenia, amphipods, large odonates,
and gastropods were rare or absent in the metal-impacted lakes, and replaced by
small, metal-tolerant taxa such as chironomid larvae and trichopteran larvae. The
last two taxa made up nearly the entire benthic community in Hannah, Middle, and
Crowley lakes (Iles and Rasmussen 2005). These differences are well reflected in the
size distribution of the zoobenthic community, which mirrors the exposure gradient
(Table 2). The mean size of the benthic animals (total biomass/number present) as
well as the 50 percentile of the biomass size spectrum (see Rasmussen 1993) were
both much lower in the metal-impacted lakes. The two largest size classes (30–49
mg) and (>50 mg) (mainly Hexagenia and large crustaceans) were found only in
Geneva Lake and the top four size classes were absent from Hannah and Middle
lakes.

The youngest age class of YP that we sampled (1+) were beginning to include
zoobenthic prey in their diet, but still fed mainly on zooplankton. 1+ YP consumed
the largest prey in Geneva and Richard lakes and the smallest prey in Crowley Lake,
whether benthic prey were included, or only zooplankton considered (Table 2). The
size of benthic prey consumed by the 2+ and 3+ YP, the ages where shifts to larger
benthic prey generally take place, also reflects the absence of large benthic prey
in the contaminated lakes (Table 2). For 2+ YP, the size of the benthic prey was
smaller in all of the impacted lakes than in Geneva, but the highly contaminated
and intermediate lakes were not different; however, for the 3+ YP, the size of the
prey closely reflected the contamination gradient (Table 2).

In Geneva Lake, 2+ and 3+ YP shifted their diet to larger invertebrates in a
manner consistent with the pattern outlined in Figure 1a (Table 3). Although the 2–
4+ fish in the impacted lakes did adopt a benthivorous diet, the benthic invertebrates
consumed were small, and not much larger than the zooplankton consumed by 1+
fish. This pattern was consistent with the pattern outlined in Figure 1b (Table 3).
Whereas this pattern persisted throughout life in the strongly impacted lakes, the
fish in intermediate lakes eventually became piscivorous by age 4+ and thus size at
age 4+ was significantly larger in Richard and Crowley lakes than in Hannah and
Middle lakes.

Thus the feeding opportunities for benthivorous YP in the metal-impacted lakes
support the pattern illustrated in Figure 1, and also our first hypothesis related
to indirect/foodweb mediated effects that was derived from our previous work on
Rouyn/Noranda lakes (Sherwood 2002a, Kovecses et al. 2005). The overall diversity
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Table 3. Summary of diet shifts of yellow perch in lakes of the
Sudbury region.a

Lake Age class Prey taxon % occurrence % dry wt n

Geneva 1+ Zooplankton 83.3 85.9 6
2+ Ephemeroptera 38.5 43.6 13
3+ Malacostraca 35.3 81.2 17

Crowley 1+ Zooplankton 100 90.7 7
2+ Diptera 77.8 9.4 11

Odonata 22 82
3–4+ Odonata 57.1 67.8 7

Richard 1+ Zoopl/Diptera 100 100 6
2+ Diptera/Amphipoda 100 45 12

Odonata 33.3 31.7
3–5+ Fish 60 80 7

Middle 1+ Zooplankton 83.3 86.4 18
2+ Trichoptera/Odonata 100 45 7

3–4+ Trichoptera 71.4 22.9 5
Hannah 1+ Zooplankton 54.5 53.8 11

2+ Diptera 63.6 18.3 3
3+ Diptera/Trichoptera 100 20 10

4–5+ Diptera/Trichoptera 100 55 7

aModified from Iles and Rasmussen (2005).

of benthic taxa was also generally lower in the metal-impacted lakes, but Richard
Lake had diversity on par with that seen in Geneva Lake. Similar results showing the
sensitivity of large benthic taxa to metal contamination have been obtained in lakes
(Johnson et al. 1992; Gower et al. 1994), streams (Clements et al. 2000) and estuaries
(Gaston et al. 1998) from many different parts of the world.

Analysis of Perch Growth and Condition

Age 1+ YP were smallest in Richard (3.1 g) and Hannah lakes (3.8 g), larger in
Crowley (4.9 g) and Middle lakes (5.1g), and much larger (6.9 g) in the reference
lake (Geneva). The same pattern was seen in lengths. For condition, Crowley (0.90)
was the lowest, followed by Middle (1.01) and Hannah (1.07), and the highest con-
dition in 1+ YP was seen in Richard (1.10) and Geneva (1.12) lakes, which were
not significantly different (Table 2). At this age YP fed mainly on zooplankton in all
the lakes and were only beginning to include benthic prey in their diets. Thus the
pattern of significantly better growth and condition in the reference lake is already
established after one year of life prior to the shift to benthivory, where effects of
benthic impoverishment begin to appear. The comparison among lakes in size of
1+ YP did not reflect the comparison in size of prey consumed (Table 2) in that
Richard Lake YP consumed large prey but had the lowest 1+ size of all the lakes.

In the reference lake, YP nearly tripled their weight in their second year of life,
reaching an average weight of 20.4 g at 2+. All of the impacted lakes had similar
sized YP (9.4–9.7 g) at age 2+, which were all significantly smaller than the Geneva
Lake fish (Table 2). Comparison of fish lengths yielded the same pattern. In terms
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of condition, Crowley Lake fish were lowest at 0.89, followed by Hannah Lake fish
at 0.92, and Middle Lake fish (0.98) where condition remained at the 1+ levels, and
then Richard Lake at 1.11. Condition was the highest in Geneva Lake (1.15), which
was the only lake where condition increased with age. Whereas at age 1+ Geneva
fish were 66% larger than the average size of 1+ YP in all of the other lakes, by age
2+ they were more than twice the size of similar aged fish in metal-impacted lakes.

By age 3+, Geneva Lake YP had again tripled their weight to 60.4 g. In Richard
Lake they also tripled their weight to 28.7 g, and in Crowley Lake they more than
doubled to 22.6 g. In the two most impacted lakes weight increased by only around
50% to 12.9 g in Hannah Lake and 15.9 g in Middle Lake. Condition factor again
increased in Geneva Lake to 1.15, decreased slightly in Richard (1.04) and Crowley
lakes (0.84), dropped substantially in Middle Lake to 0.84, and stayed constant at
0.94 in Hannah Lake. Thus Geneva Lake was the only lake where YP increased
in condition factor throughout, whereas in the intermediate lakes slight decreases
occurred, and in the strongly impacted lakes significant decreases in condition factor
occurred with age. Although no 4+ YP were caught in Geneva Lake, the patterns
among the remaining lakes seen at 3+ were replicated at 4+. That is, YP from the
moderately impacted lakes exhibited substantial growth from 3+ to 4+, whereas
those from the strongly impacted lakes did not.

The among-lake comparisons in YP size for age 2+ and older (Table 2) repre-
sent cumulative differences. In order to partition the effects among year classes, we
calculated specific growth rates (SGR) such that Wt = Wt−1eSGR. Thus the weight
obtained by a 2+ fish would be evaluated relative to that of a 1+ fish from the same
lake and the SGR estimated by ln Wt – ln Wt−1. The comparisons of SGR for 2+/1+,
3+/2+ and 4+/3+ are shown in Figure 4. This comparison shows that 2+ and 3+
fish from Richard Lake had SGR values as high as those from Geneva Lake, even
though they were not nearly as large. Although SGR comparisons show that 2+ and
3+ YP from the highly impacted lakes (Hannah and Middle) grew more slowly dur-
ing this phase of their lives than those from the reference lake, those from Richard
Lake did not. Although 2+ YP from Crowley Lake did grow more slowly than 2+ YP
from Geneva Lake, the difference between the two lakes was not significant at 3+.
Thus partitioning growth rate by year classes in this way shows that much of the size
difference, between Geneva Lake YP and those from the intermediate lakes for 2+
and 3+ age groups, was actually a result of the larger size that Geneva Lake fish had
already achieved by age 1+, prior to their shift to benthivory. However, even after
the shift to benthivory, growth rates in Geneva Lake fish continued to be higher than
those seen in the highly impacted lakes. This difference was especially significant
for the 3+ fish ( Figure 4).

These patterns support hypothesis 2, and also our previous findings. Sherwood
et al. (2000) showed that YP in highly contaminated lakes grew more slowly, less effi-
ciently relative to ration, and reached a smaller maximum size than did fish from two
reference lakes. In addition, the fish from the contaminated lakes did not undergo
the normal sequence of diet shifts (zooplankton to littoral macroinvertebrates to
littoral fish) that YP display in reference lakes (Sherwood et al. 2002a). Instead, they
continued to utilize smaller prey throughout their lives, although in both contami-
nated lakes some piscivory was evident in the larger fish. Stunting was linked to the
failure to complete diet shifts to larger-sized prey, and in both lakes this was associated
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Figure 4. Comparison of specific growth rate estimates (ln Wt – ln Wt−1), for
2+/1+, 3+/2+, and 4+/3+ age increments. Error bars represent
pooled SE estimates obtained from (SE 2

lnWt+ SE 2
lnWt−1)

0.5. Statistical com-
parisons within each age series are based on Bonferoni corrected t -tests
(p < .05). Bars sharing the same letter are not significantly different.
Geneva has no bar in the 4+/3+ series since no 4+ fish were caught in
this lake.

with an impoverished littoral benthic community (Sherwood et al. 2000; Kovecses
et al. 2005). In reference lakes the littoral benthos constitutes a diverse community
of macro-invertebrates, which serve as a bridge of intermediate-sized prey that allow
fish to select gradually larger and larger prey as they grow. In these lakes YP make the
shift from zooplankton to littoral macrobenthos during their second year of growth
(12 to 15 g), and then begin to include a significant amount of fish in their diet
during their third to fifth year of growth (25 to 50 g).

Age Structure of Yellow Perch Populations

In addition to these indirect effects on YP energetics, acting through foodweb
bottlenecks, Sherwood et al. (2000) also reported data on YP age structures indi-
cating that the younger age classes of YP in metal contaminated Noranda lakes
experience reduced survivorship, perhaps a result of direct toxic effects of metal
exposure (Campbell et al. 2003). In reference lakes, 1+ fish made up on average
40% of the population, whereas in the most impacted lakes and intermediate lakes

334 Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008



Direct and Indirect Effects of Metals on Yellow Perch

this proportion dropped to 10% and 20%, respectively. No such pattern was evident
in our Sudbury lakes data. In Geneva Lake, 1+ fish made up 32% of the catch,
while this age group made up 28% and 33%, respectively, in Richard and Crowley
lakes, and 54% and 56%, respectively, in Middle and Hannah lakes. Thus survivor-
ship of young YP through their first season seems to be excellent in these lakes, and
the proportion of the population in the 1+ age class tended to be higher in the
highly contaminated lakes. The absence of 4+ and older fish in Geneva Lake might
indicate poor survivorship, and this could be a result of the rich predator commu-
nity in that lake. However, another possibility is that older fish moved from the bay
where we sampled and became piscivorous in some other portion of this rather large
lake.

Diet Shifts and the Activity of the Glycoytic Pathway (Muscle LDH Activity)

Fish such as YP will utilize anaerobic pathways while feeding, if feeding activity
involves activity bursts that exceed the aerobic threshold repeated often enough
that lactate is not cleared within the available recovery time (Childress and Somero
1990; Sherwood et al. 2002a). The activity of glycolytic (anaerobic) enzymes (includ-
ing LDH) in fish muscle does not follow the same metabolic size-scaling paradigm
that governs activities of aerobic enzymes (Sullivan and Somero 1980; Childress and
Somero 1990). As opposed to negative allometry confined to a narrow range of scal-
ing coefficients (typical values for aerobic enzymes centre around –0.25), glycolytic
enzymes possess highly variable and mostly positive size dependence. The fact that
glycolytic enzymes usually scale positively to body size may be related to increasing
anaerobic power requirements in larger fish that may experience higher drag forces
when generating short swimming bursts (Sullivan and Somero 1980). The large vari-
ability among species in glycolytic scaling coefficients has been interpreted to reflect
differences in power requirement associated with different locomotory and feeding
types of fish (Childress and Somero 1990).

There is also considerable variability in glycolytic scaling within species, and down
regulation of the white muscle glycolytic pathway (as reflected by muscle LDH ac-
tivity) following shifts to larger sized prey has been shown in many species of fish
including YP (Sherwood et al. 2002a) and walleye (Kaufman et al. 2006). Although
individual feeding bursts directed toward larger prey likely exceed the aerobic thresh-
old more than bursts directed at smaller prey, the much greater time interval between
bursts (recovery time) will allow lactate to be cleared by aerobic pathways, and thus
permit glycolytic pathways to be down-regulated (LDH activity levels reset to a lower
level). Down regulation of the glycolytic pathway leads to reductions in metabolic
costs, and increases in growth rate, condition factors, and the maximum size at-
tained (Sherwood et al. 2002a). This downshift, or resetting of LDH to a lower level,
was attributed to a lower need for glycolytic potential because of the sharp decline
in the number of burst swimming prey attacks required once prey size becomes
much larger. By increasing prey size, the number of prey items required decreases,
allowing more time to recycle lactate between active bursts, and therefore glycolytic
potential is downregulated because of lower anaerobic demands (Sherwood et al.
2002b). This explained why higher growth efficiency was observed in lakes where
prey size was larger and diet shifts occurred, and why the absence of large prey led to
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Figure 5. ANCOVA regression fitted to diet shifts of yellow perch from an unim-
pacted lake, Lac Hertel, QC. The best fit model is LDH = 2.33 +
295logW – 227c– 488d, R2= 0.27, F = 5.5, N = 38. c represents a dummy
variable 1 = benthivore, 0 = non-benthivore, d represents a dummy
variable 1 = piscivore, 0 = non-piscivore.

energetic bottlenecks, stunted growth, and lower condition in metal-impacted lakes
(Sherwood et al. 2002a; Kaufman et al. 2006).

Statistically, such “downshifts” were demonstrated by fitting ANCOVA models to
LDH activity versus body size plots (covariate), with diet type coded categorically
(Figure 5) leading to a regression with a sawtoothed pattern. When the ANCOVA
model explained significantly more variance than the simple linear regression, the
LDH downshift associated with the diet shift was considered statistically significant.
Evidence for a statistically significant downshift was associated with a diet shift from
Daphnia to benthos (a diverse benthic diet dominated by Hexagenia) in Geneva Lake
2+ YP (F -ratio test, F11,28 = 2.88, p < .05; see Iles and Rasmussen 2005 for details),
but no significant downshift was associated with the shift from Hexagenia to crayfish
(3+ YP). Although diet shifts did sometimes occur in the metal-impacted lakes (e .g .,

a shift from zooplankton to small Diptera and Trichoptera in Hannah and Middle
lakes, Table 3), they did not involve significant downshifts in LDH activity, and LDH
generally increased with body size (i.e ., the ANCOVA model did not explain more
variance than the simple allometric regression).

These results support hypothesis 3, which was based on patterns observed in
our previous studies. In reference lakes, YP shifted from zooplankton to littoral
macrobenthos during their second year of growth (12 to 15 g), and then began to
include a significant amount of fish in their diet during their third to fifth year of
growth (25 to 50 g). Fish in the most contaminated lakes did not undergo this normal
sequence of diet shifts. Instead they continued to utilize smaller prey throughout
their lives, although in both lakes some piscivory was evident in the larger fish. In the
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Figure 6. (a) The relationship between white muscle LDH activity in 2+ and 3+
yellow perch and the activity multipliers calculated from bioenergetic
budgets. Me = Lake Memphremagog, Quebec, Mg = Lake Magog, Que-
bec, Wa = Lake Waterloo, Bmt = Lake Bromont, Br = Lake Brome.
Modified from Sherwood et al. (2002a). (b) Specific growth rate vs. daily
ration measured with using a tissue 137Cs mass balance model, for metal-
impacted vs. reference lakes in Rouyn/Noranda. Modified from Sher-
wood et al. (2000).

reference lakes the shifts to larger prey (zooplankton to benthos, followed by benthos
to fish) resulted in significant downshifts of white muscle LDH, from which we infer
that energetic costs decreased. This inference is supported by a strong correlation
between LDH activity and the activity multipliers (total metabolic costs divided by
basal metabolism) (Figure 6a) calculated from bioenergetic budgets (see Boisclair
and Rasmussen 1996; Sherwood et al. 2002b). This observation is also consistent with
the higher growth efficiency reported by Sherwood et al. (2000) for fish populations
that successfully carried out diet shifts as they grew (Figures 3b and 6b); these latter in
situ estimates of growth efficiency were obtained with a 137Cs radio-tracer technique.
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Such downshifts did not occur in metal-impacted lakes where prey size tended to
remain small throughout life and stunted growth was observed.

Energy Available for Growth Depends on Activity Costs

Stunting in YP populations is a well-documented phenomenon that has often been
attributed to food shortage because of low zoobenthic production (Persson 1987;
Diehl 1993; Heath and Roff 1996) or high YP densities (Hansson 1985). However,
there is evidence that energy expenditure for active metabolism is also an important
contributor to stunting in YP populations. It has been argued that activity costs are
higher when fish are required to attack many, small prey (requiring upregulation
of anaerobic pathways) than when they are able to obtain their daily ration by cap-
turing a few, large prey (downregulated anaerobic pathway), and that high activity
costs limit the amount of energy available for growth (Krohn and Boisclair 1994;
Sherwood et al. 2002a; Rennie et al. 2005; Kaufman et al. 2006). This hypothesis is
supported by the fact that YP growth rates are not well related to the quantity of food
consumed (Boisclair and Leggett 1989a; Sherwood et al. 2000; Rennie et al. 2005),
and also by the fact that YP have higher growth rates following diet shifts (Boisclair
and Leggett 1989b; Sherwood et al. 2002a) despite the overall lower abundance of
larger invertebrates (Rasmussen 1993). Moreover, growth rates of YP decrease as the
proportion of small prey items in the diet increases (Diehl 1993; Boisclair and Ras-
mussen 1996; Lott et al. 1996; Hjelm et al. 2000). Furthermore, Sherwood et al. (2000)
showed that YP from reference and contaminated lakes in Rouyn-Noranda did not
differ in rates of prey consumption, but did differ in food conversion efficiencies.
Thus, fast growing and stunted YP populations may differ as much or more in their
metabolic costs, as in their rate of food consumption. Ideally, YP will maximize their
growth efficiency by switching their diet to optimal-sized prey as they grow, and thus
maintain high growth rates. Under this scenario, if a fish outgrows its prey, its growth
rate will slow down until it is large enough to exploit the next size class of prey, at
which time growth should return to normal. This period of slow growth constitutes
what has been termed a growth “bottleneck” (Heath and Roff 1996; Hjelm et al.
2000; Sherwood et al. 2002a,b).

Stunted YP populations result from a gap in the prey size structure that is so large
that growth ceases, and the fish never become large enough to efficiently utilize the
next size class of prey. Metal contamination, by eliminating large metal sensitive prey
taxa, creates gaps in the prey size structure, producing the patterns in YP growth as
described earlier (Figure 7). Of the Sudbury lakes YP populations, only the one from
the reference lake (Geneva) showed a significant resetting of LDH activity following
the shift to benthivory. Piscivory was low in Geneva Lake, despite the fact that YP were
larger than some of the piscivorous YP from the intermediate lakes. The presence of
large invertebrate prey in Geneva Lake would increase the optimal size for switching
to piscivory. It has previously been noted that piscivory is not necessary for high YP
growth rates where there is an invertebrate prey base of good size (Lott et al. 1996).

YP in the intermediate lakes experienced reduced growth throughout the size
range typically associated with benthivory. We suggest that the absence of large-
bodied invertebrates, such as crayfish and mayfly larvae, is the cause of the reduced
growth. In the intermediate lakes, YP appear to eventually make it through the
slow growing benthivorous stage to become piscivorous. In the most contaminated
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Figure 7. Graphical model illustrating how downshifting of activity costs allows fish
to maintain high growth efficiency and offset the tendency for stunting.
Fish that are unable to make diet shifts that scale back costs ultimately
dissipate their entire energy budget on activity costs required to obtain
food. Modified from Sherwood et al. (2002a).

lakes, where YP were extremely stunted, there was an absence or low abundance
of intermediately sized prey in addition to the absence of large invertebrates. YP in
these systems quickly outgrow any energetic benefits of switching to small benthic
prey, which are not much larger than zooplankton, as evidenced by their slow growth
and lack of a significant lowering of activity costs. A slight resetting of LDH activity
would likely not be detectable, given the variation in the LDH data (Figure 5).

The “Stunted Perch” Scenario Is Not Unique to Metal-Impacted Lakes

These patterns of indirect, foodweb mediated effects on YP trophic ecology, bioen-
ergetics, growth, and condition are not restricted to metal-contaminated lakes. In
Saginaw Bay, MI, USA, which has gradually become eutrophied over the last 40 years,
YP have been greatly impacted (Schaeffer et al. 2000). When Hexagenia, a large ben-
thic macro-invertebrate, was the most abundant prey species, YP grew rapidly to
large sizes (several hundred g, 25 to 30 cm). Following eutrophication, Hexagenia
and other large macro-invertebrates disappeared, and YP now feed mainly on small
chironomid larvae. The enriched conditions led to increased zooplankton and chi-
ronomid production and improved feeding and growth for 0+ and 1+ YP. However,
the increased sediment oxygen demand and low sediment Eh associated with eu-
trophication led to the loss of large burrowing mayflies (Rasmussen 1988), which
were key elements in the diet of older age classes. Eutrophication also leads to in-
creased turbidity and light extinction causing a retraction of the littoral zone to the
shallow margin of the lake, which tends to reduce the overall abundance of the lit-
toral zoobenthic community. Decreased abundance of large benthic invertebrates
caused stunting of older perch at a maximum size of 15–18 cm (Schaeffer et al. 2000).

Hayward and Margraf (1987) and Tyson and Knight (2001) also observed low
growth rates among YP inhabiting the eutrophic western basin of Lake Erie, coin-
ciding with loss of burrowing mayflies, and a heavier reliance on small prey. In a study
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of YP populations in eastern Quebec, Boisclair and Rasmussen (1996) found that
growth and consumption rates were negatively correlated with lake trophic status.
Growth, consumption, and activity rates decreased with the increase of the percent
contribution of small prey to the invertebrate community. The lakes that supported
the highest growth rates of 2+ and 3+ YP were those where large taxa were abun-
dant (Rasmussen 1993). Changes in YP growth and feeding patterns are important
in this respect since as lakes become richer, YP become progressively less abundant.
In eutrophic lakes they rarely grow large enough to be piscivorous, and as plankti-
vores, they lose out in competition with cyprinids. As lakes become richer and phy-
toplankton biomass increases, transparency decreases leading to reductions in the
productivity and biomass of benthic and epiphytic algae and in aquatic macrophyte
standing stock and extent of coverage (Vadeboncoeur et al. 2001; Vander Zanden
and Vadeboncoeur 2002). These littoral production sources play an important role
in providing food, habitat, and refuge for littoral macrophytic invertebrates, such as
amphipods and burrowing mayflies, which play an important role in the diet of YP.

A very similar, although much less studied, scenario occurs in lakes experienc-
ing acidification (Ryan and Harvey 1980; Gunn and Keller 1990). As lakes become
mildly acidified (pH 5 to 6), YP often become very numerous, because they are
among the most acid-tolerant fish species. In such lakes, in spite of the scarcity
of competing species and an abundant supply of small zooplankton, the YP rarely
exceed 15 cm in length, and feed mainly on zooplankton and tiny chironomid lar-
vae, the benthic invertebrate taxon most resistant to acidification (Schindler et al.
1990). In such systems the acidification has severe impacts on the macrophyte and
macro-invertebrate communities, in particular on large invertebrate species impor-
tant to the dietary development of YP, such as amphipods and burrowing mayflies
(Lonergan and Rasmussen 1996).

Although acidified lakes often also suffer high metal loadings, the lakes in Killar-
ney Park, Ontario, are of special interest because they have extremely low alkalinity
and became strongly acidified in spite of being far from smelters and exposed to
relatively low metal loadings (Keller and Yan 1998; Keller et al. 2003). Although these
lakes experienced significant species losses of zooplankton, benthos, and fish, pH in
many of the lakes is now above 6, and some recovery has been noted in zooplankton
community structure following reduction in SO2 emissions from smelters (Sprules
1975; Holt and Yan 2003). However, zoobenthic communities have experienced lim-
ited recovery, with many ephemeroptera and amphipods still absent from many lakes
(Snucins 2003). The littoral benthic communities in these lakes became dominated
by tiny chironomid larvae (Harvey and McArdle 1986) and the larger taxa such as
amphipods and burrowing mayflies, which are important for good growth and diet
development in YP, are still scarce or absent in these lakes despite the lakes’ apparent
chemical recovery.

In summary, the invertebrate species that are most vital to growth and diet de-
velopment of YP are among the most sensitive to a variety of contaminants, and are
among the slowest to recover. YP themselves tolerate a wide range of environmen-
tal conditions and are among the most widely distributed fish across the northern
hemisphere. Thus, the “stunted perch” scenario, which results as an indirect effect
of pollutant impacts on large macro-invertebrates, is not unique to metal-impacted
systems. Moreover, its generality provides further support for the idea that the
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size-structure of the benthic functional group is important to ecosystem integrity
because of its effect on energy transfer efficiency to benthivorous fish and as a “step-
ping stone” to piscivory.

Restoration of Metal Damaged Aquatic Communities: Management Options

Considerable effort has been invested into restoring acid- and metal-damaged
lakes in the Sudbury region, which involves both re-establishment of large sensitive
invertebrate species and the rehabilitation of littoral habitat, which in unimpacted
lakes is the site of maximum diversity and productivity for benthic algae, aquatic
macrophytes, and zoobenthos. Lake restoration in the Sudbury region, and rehabil-
itation of littoral habitats in particular, is linked to the reduction of smelter emissions.
This reduction has been successful, leading to reduced metal loadings and increased
pH (>6) in lakes throughout the region (Keller et al. 2007). Large-scale deforesta-
tion and soil damage also occurred in this region (Gorham and Gordon 1960) and
greatly impacted lakes through a combination of severely episodic runoff, high metal
loadings from the landscape (Nriagu et al. 1998), and major reductions in organic
matter inputs (Dudka et al. 1995) essential for metal detoxification and chemical
buffering. The littoral margins of lakes were particularly vulnerable to these impacts
because of their close proximity to the damaged terrestrial landscape.

Reforestation efforts throughout the watershed have involved soil liming, fertiliza-
tion, seeding of grasses and other cover species, and tree planting (Gunn 1996; Gunn
et al. 2001; Winterhalder 1996). Reforestation has increased the input of organic de-
tritus, leading to increased sediment organic matter concentrations (Matson 2007),
which tend to reduce both the concentrations and toxicity of sediment metals and
help rebuild both aquatic macrophyte and invertebrate communities. In addition,
reforestation increases the input of coarse woody debris that, together with aquatic
macrophytes, contributes to littoral habitat structure providing both food and shel-
ter for fish communities (Gunn et al. 1995). Because lake and landscape processes
are closely linked, management efforts to speed up the normally slow process of
reforestation and soil formation help to promote biological recovery both directly,
by reducing concentrations and toxicity of metals and thus facilitating survival and
growth of sensitive species, and indirectly, by rebuilding habitat to re-establish nor-
mal foodweb interactions, including diet shifts of key species such as YP.

Relative Importance of Direct and Indirect Effects of Metals on Yellow Perch

Assessing the relative importance of the direct and indirect effects that we have
described for YP is difficult: mechanisms are incompletely known; there may be as yet
undiscovered direct/indirect effects; and finally, endpoints such as growth (biomass
production) will be influenced by a combination of these types of effects that could
only be “teased apart” with elaborate experimental manipulations in the laboratory
and field. However, based on the mechanisms that are known, it is possible to dis-
tinguish: (a) endpoints that we can interpret as direct physiological/biochemical
effects of metal exposure; (b) endpoints that are primarily a result of reduced en-
ergy input resulting from foodweb impoverishment; and (c) endpoints that could
plausibly be a result of direct or indirect effects, or both acting together.
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Direct effects

Direct effects of metals are those that involve interactions between metals taken
up through water or diet and biochemical targets within the organism, and can-
not plausibly be interpreted as effects of reduced energy intake, or other ecological
interactions. YP in metal impacted lakes exhibit increased concentrations of met-
allothionein, a metal binding and detoxifying protein, in their livers and kidneys
(Brodeur et al. 1997; Laflamme et al. 2000; Giguère et al. 2005). Impaired mito-
chondrial function (liver and muscle citrate synthase) causing decreased aerobic
swimming capacity has been reported in YP from metal impacted lakes near Sud-
bury (Rajotte and Couture 2002; Couture and Kumar 2003). Both young and mature
YP in metal contaminated lakes also exhibit cortisol impairment, wherein toxic metal
species disrupt the synthesis of cortisol, a steroid hormone that is the effector of the
physiological stress response through actions on gill, liver, intestines, and muscle.
We demonstrated this impairment both in the field, by reduced plasma cortisol re-
sponse to capture and handling stress, or by testing in vitro the cortisol secretion
capacity of head kidneys isolated from field exposed fish (Laflamme et al. 2000 and
this study). We interpret these impairment measures as indications of chronic, sub-
lethal contaminant stress resulting from direct effects of metals acting on secretory
pathways of the head kidney (Gravel et al. 2005).

Evidence for this direct mechanism has been provided through laboratory studies
on the signaling pathways leading to cortisol synthesis in head kidney cells isolated
from hatchery reared uncontaminated rainbow trout, and exposed to metals in
primary cell cultures. In this way, the steps disrupted by specific metals within the
cortisol signaling pathway were identified (Lacroix and Hontela 2004; Raynal et al.
2005). This type of endocrine disruption has been associated with a broad range of
adverse effects such as reductions in gill Na+/K+ ATP-ase activity, gill histopathology,
reduced sex steroid production, and delayed gonadal recrudescence (Levesque et al.
2003; Levesque et al. 2002; Hontela and Lacroix 2006)); however, the causal links
to cortisol impairment remain unclear. It is likely also that cortisol impairment has
energetic consequences; however, these have yet to be identified, and would in all
likelihood be difficult to isolate from indirect effects acting through the metabolic
budget. These effects could also have an impact on survivorship, a parameter that
is difficult to estimate accurately without capturing inordinate numbers of fish. It
should, however, be noted that “old” YP (8+ and older) were not uncommon even
in the most contaminated lakes that we studied in Rouyn/Noranda and the Sudbury
regions.

Indirect effects acting through foodweb impoverishment

The reduced availability of larger prey in lakes with high metal exposure leads
to a sharp reduction in energy allocation to growth in YP 2+ and older, and results
in stunting and strong dependence on zooplankton and/or small benthic prey at
all ages (Sherwood et al. 2002a, b; Kovecses et al. 2005). The same pattern was seen
in the highly contaminated Sudbury lakes, Hannah and Middle, and to a lesser
extent in the moderately contaminated Crowley Lake. Although growth differences
between reference and metal-impacted fish are evident early in life, while fish from
all lakes still feed predominantly on zooplankton, the differences become much
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more pronounced and growth becomes severely stunted in YP from metal-impacted
lakes at the age where fish in reference lakes switch to large prey and continue to
grow to large sizes.

Effects for which the mechanism (direct vs. indirect) is not clear

A variety of effects of metals on YP physiology have been published, where it is pos-
sible that both direct effects and indirect effects resulting from the metabolic budget
may be involved. Examples are gonadosomatic index (GSI) reductions, reductions
in thyroid hormones, and changes in liver metabolic enzymes and energy stores
(Levesque et al. 2002, 2003), reduction in condition index, reduced RNA/DNA ra-
tio, and effects on anaerobic capacity and swimming performance (Eastwood and
Couture 2002; Audet and Couture 2003; Taylor et al. 2004).

Giguère et al. (2004) reported reduced condition factors in 1+ YP from metal
contaminated lakes and interpreted this as a direct effect of metal toxicity, on the
assumption that community impoverishment effects acting through the feeding
regime were unlikely to be manifested on the early juvenile zooplanktivorous YP.
Metal impacted lakes near Sudbury have, however, been shown to have impover-
ished zooplankton communities that are deficient in large species (e .g ., daphniids)
and often dominated by copepods and small cladocera (e .g ., bosminids) (Yan et al.
1996, 2004). Although we were not able to link size and condition of 1+ YP in our
lakes to the size of zooplankton in the diet, impoverishment effects resulting from
metal effects on zooplankton size structure cannot be ruled out, without detailed
study. Moreover, in a recent study by Lippert et al. (2007) on lakes in the Sudbury
area where piscivorous fish have recently colonized, it was shown that in the first
few years following invasion by bass and walleye, the abundance of YP was greatly
reduced and the size and condition of age 1+ YP, was significantly reduced. This
result might indicate that the small size of 1+ Richard Lake YP seen in our study
may in fact be a consequence of this lake having been recently colonized by pike
and smallmouth bass.

It should be noted that there may be indirect effects acting through other mech-
anisms that we have not mentioned. For example, reduced recruitment or survivor-
ship of young YP could lead to compensatory increases in growth and condition in
young fish that survive due to reduced intra-(or inter-) specific competition. “Pos-
itive” indirect effects of this kind were reported by Ryan and Harvey (1980) for
moderately acidified lakes, where YP growth rates in the first 2 years of life were gen-
erally higher than in reference lakes. Predation by reintroduced predators (Gunn
et al. 1990) or by cannibals within some perch populations (Persson et al. 2003) can
also significantly affect population abundance, growth, and body condition.

ERA IMPLICATIONS

1. In order to preserve ecosystem integrity/benthic size-structure, environmental
standards must be sufficient to protect large metal-sensitive invertebrates, for
which PNEC values are amongst the lowest in the aquatic ecosystem. Impoverish-
ment of the benthic community through direct metal impacts on large sensitive
benthic taxa leads to stunted growth of YP and impairment of trophic shifts that
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are important to the integrity of whole foodweb. Thus, preserving size-structure
within functional groups (e .g ., zoobenthos) can be vital to maintaining ecosystem
integrity.

2. Watershed management strategies involving emission reduction, revegetation
and soil remediation have been shown to promote recovery of littoral communi-
ties and would be expected to help shift the trophic structure in impacted lakes
from that shown in Figure 1b in the direction of that shown in Figure 1a.

3. Environmental standards or management practices that protect sensitive benthic
species or promote their recovery, would likely also have similar enhancing effects
on other functional groups, whose impoverishment might also be contributing
to the stunted perch scenario, and thus promote the functional integrity of the
overall ecosystem.

CONCLUSIONS

� YP, because they survive well in metal-impacted systems, can serve as a suitable
sentinel “model” with which to examine both direct and indirect sublethal
effects of metal exposure.

� Effects of metals on YP can occur as a result of direct toxic effects of water- or
food-borne metals on fish physiology (see Campbell et al. (2008) for a discussion
of the incomplete detoxification of metals in YP from the Rouyn-Noranda and
Sudbury lakes).

� Direct effects on YP include: impairment of the cortisol stress response, reduced
gill Na+/K+ ATP-ase activity and gill histopathology, and buildup of metalloth-
ionein in liver and other body tissues. Direct effects of metals resulting from
toxic exposures in sediment and water lead to significant shifts in the structure
of the benthic community, with many of the larger more sensitive taxa such as
burrowing mayflies, amphipods, and crayfish and mollusks being rare or absent.

� Effects of metals on YP can also occur indirectly through effects of metals on
prey organisms at the base of the food chain. The most common indication of
such indirect foodweb mediated effects on YP is severely stunted growth, which
is linked to energetic bottlenecks arising from impoverished benthic commu-
nities preventing normal diet development, and leading to a high degree of
dependence on zooplankton and small insects throughout life (>8 years).

� The arrival of recolonizing predators (e .g ., bass, walleye) can further intensify
the energetic bottleneck in high metal contaminated lakes by forcing YP to
confine their feeding to littoral refuge areas where metal sensitive benthic taxa
are scarce.

� The significant indirect effects that metals exert on the growth and trophic shifts
of YP resulting from direct effects on large metal-sensitive benthic taxa, demon-
strate that preserving size-structure within functional groups (e .g ., zoobenthos)
can be vital to maintaining ecosystem integrity. This has significant conse-
quences for ecological risk assessment in that PNEC values must be set at levels
low enough to protect large metal-sensitive taxa (Borgmann et al. 2001; Milani
et al. 2003). Furthermore, policy decisions, management strategies, and land-use
decisions aimed at protecting the integrity of zoobenthic communities and/or
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promoting their recovery will likely also promote similar effects on other func-
tional groups (e .g ., zooplankton and piscivorous predators) and thus promote
functional integrity of the whole ecosystem.

� The suite of direct and indirect effects seen in lakes impacted by Sudbury
smelters was similar to that reported previously in lakes of the Rouyn/Noranda
regions although the metals involved are considerably different.

ACKNOWLEDGMENTS

This research was supported by the Metals in the Environment Research Network
(MITE-RN). This network received financial contributions from the Natural Sciences
and Engineering Research Council of Canada (NSERC), the Mining Association of
Canada, Ontario Power Generation Inc., the International Copper Association, the
International Lead Zinc Research Organization, and the Nickel Producers Environ-
mental Research Association. We are greatly indebted to the Co-operative Freshwater
Ecology Unit (Sudbury), for their hospitality and helpfulness in providing us lab-
oratory space and facilities essential for this project. Useful review comments were
provided by four anonymous referees.

REFERENCES

Aalto SK and Newsome GE. 1990. Additional evidence supporting demic behaviour of a yellow
perch (Perca flavescens) population. Can J Fish Aquat Sci 47:1959–62

Audet D and Couture P. 2003. Seasonal variations in tissue metabolic capacities of yellow perch
(Perca flavescens) from clean and metal-contaminated environments. Can J Fish Aquat Sci
60:269–78

Boisclair D and Leggett WC. 1989a. Among-population variability of fish growth. 1. Influence
of the quantity of food consumed.Can J Fish Aquat Sci 46:457–7

Boisclair D and Leggett WC. 1989b. Among-population variability of fish growth. 3. Influence
of fish community. Can J Fish Aquat Sci 46:1539–0

Boisclair D and Rasmussen JB. 1996. Empirical analysis of the influence of environmental
variables associated with lake eutrophication on perch growth, consumption, and activity
rates. Annal Zool Fenn 33:507–5

Borgmann U, Norwood WP, Reynoldson TB, et al. 2001. Identifying cause in sediment assess-
ments: Bioavailability and the Sediment Quality Triad. Can J Fish Aquat Sci 58:950–60

Brix KV, DeForest DK, and Adams WJ. 2001. Assessing acute and chronic copper risks to
freshwater aquatic life using species sensitivity distributions for different taxonomic groups.
Environ Toxicol Chem 20:1846–56

Brodeur JC, Sherwood G, Rasmussen JB, et al. 1997. Impaired cortisol secretion in yellow perch
(Perca flavescens) from lakes contaminated by heavy metals: In vivo and in vitro assessment.
Can J Fish Aquat Sci 54:2752

Cain DJ and Luoma SN. 1998. Metal exposures to native populations of the caddisfly Hy-
dropsyche (Trichoptera: Hydropsychidae) determined from cytosolic and whole body metal
concentrations. Hydrobiologia 136:103–17

Cain DJ, Luoma SN, Carter JL, et al. 1992. Aquatic insects as bioindicators of trace element
contamination in cobble-bottom rivers and streams. Can J Fish Aquat Sci 49:2141–54

Campbell P, Hontela A, Rasmussen J, et al. 2003. Differentiating between direct (physiological)
and food-chain mediated (bioenergetic) effects on fish in metal-impacted lakes. Human
Ecol Risk Assess 9:847–6

Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008 345



J. B. Rasmussen et al.

Campbell PGC, Kraemer KD, Giguère A, et al. 2008. Subcellular distribution of Cadmium and
Nickel in chronically exposed wild fish: Inferences regarding metal detoxification strategies
and implications for setting water quality guidelines for dissolved metals. Human Ecol Risk
Assess (this issue)

Carbone J, Keller W, and Griffiths RW. 1998. Effects of changes in acidity on aquatic insects
in rocky littoral habitats of lakes near Sudbury, Ontario. Restor Ecol 6:376–9

Chapman PM. 1996. Presentation and interpretation of Sediment Quality Triad data. Ecotox-
icology 5:327–9

Chapman PM. 2000. The Sediment Quality Triad: Then, now and tomorrow. Int J Environ
Pollut 13:351–56

Chapman PM, Anderson B, Carr S., et al. 1997. General guidelines for using the Sediment
Quality Triad. Mar Pollut Bull 34:368–2

Childress JJ and Somero GN. 1990. Metabolic scaling: A new perspective based on scaling of
glycolytic enzyme activities. Am Zool 30:161–3

Clements WH, Carlisle DM, Lazorchak JM, et al. 2000. Heavy metals structure benthic com-
munities in Colorado mountain streams. Ecol Appl 10:626–8

Couture P and Kumar PR. 2003. Impairment of metabolic capacities in copper and cadmium
contaminated wild yellow perch, Perca flavescens. Aquat Toxicol 64:107–20

De Boeck G, Ngo TTH, Van Campenhout K, et al. 2003. Differential metallothionein induction
patterns in three freshwater fish during sublethal copper exposure. Aquat Toxicol 65:413–
24

Diehl S. 1993. Effects of habitat structure on resource availability, diet and growth of benthiv-
orous perch, Perca fluviatilis. Oikos 67:403–4

Dudka S, Ponce-Hernandez R, and Hutchinson TC. 1995. Current levels of total element con-
centrations in the surface layer of Sudbury’s soil. Sci Total Environ 162:161–
71

Eastwood S and Couture P. 2002. Seasonal variations in condition and liver metal concen-
trations of yellow perch (Perca flavescens) from a metal-contaminated environment. Aquat
Toxicol 58:43–56

Gaston GR, Rakocinski CF, Brown SS, et al. 1998. Trophic function in estuaries: Response of
macrobenthos to natural and contaminant gradients. Mar Fresh Res 49:833–6

Giguère A, Campbell PGC, Hare L, et al. 2004. Influence of lake chemistry and fish age on
Cd, Cu and Zn concentrations in various organs of indigenous yellow perch. Can J Fish
Aquat Sci 61:1702–16

Giguère A, Campbell PGC, Hare L, et al. 2005. Metal bioaccumulation and oxidative stress
in yellow perch (Perca flavescens) collected from eight lakes along a metal contamination
gradient (Cd, Cu, Zn, Ni). Can J Fish Aquat Sci 62:563–77

Giguère A, Campbell PGC, Hare L, et al. 2006. Sub-cellular partitioning of cadmium, copper,
nickel and zinc in indigenous yellow perch (Perca flavescens) sampled along a polymetallic
gradient. Aquat Toxicol 77:178–98

Gorham E and Gordan AG. 1960. The influence of smelter fumes upon the chemical compo-
sition of lake waters near Sudbury, Ontario and upon the surrounding vegetation. Can J
Botany 38:477–87

Gower AM, Myers G, Kent M, et al. 1994. Relationships between macroinvertebrate commu-
nities and environmental variables in metal-contaminated streams in south-west England.
Fresh Biol 32:199–21

Gravel A, Campbell PGC, and Hontela A. 2005. Disruption of the hypothalamo-pituitary-
interrenal axis in 1+ yellow perch (Perca flavescens) chronically exposed to metals in the
environment. Can J Fish Aquat Sci 62:982–90

Gunn JM. 1996. Restoring the smelter damaged landscaped near Sudbury, Canada. Restor
Manage Notes 14:129–35

346 Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008



Direct and Indirect Effects of Metals on Yellow Perch

Gunn JM and Keller W. 1990. Biological recovery of an acid lake after reductions in industrial
emissions of sulphur. Nature 345:431–3

Gunn JM and Mills KH. 1998. The potential for restoration of acid-damaged lake trout lakes.
Restor Ecol 6:390–7

Gunn JM, Hamilton JG, Booth GM, et al. 1990. Survival, growth and reproduction of lake
trout (Salvelinus namanycush) and yellow perch (Perca flavescens) after neutralization of an
acidic lake near Sudbury, Ontario. Can J Fish Aquat Sci 47:453–66

Gunn JM, Keller W, Negusanti J, et al. 1995. Ecosystem recovery after emission reductions:
Sudbury, Canada. Water Air Soil Poll 85:1783–8

Gunn JM, Sein R, Keller W, et al. 2001. Liming of acid and metal contaminated catchments
for the improvement of drainage water quality. Water Air Soil Pollut 130:1439–44

Hansson S. 1985. Local growth differences in perch (Perca fluviatilis L.) in a Baltic archipelago.
Hydrobiologia 121:3–10

Harvey HH. and JM McArdle. 1986. Composition of the benthos in relation to pH in the
Lacloche lakes. Wat Air Soil Pollut 30:529–36

Hayward RS and Margraf F J. 1987. Eutrophication effects on prey size and food available to
yellow perch in Lake Erie. Trans Am Fish Soc 116:210–3

Heath DD and Roff DA. 1996. The role of trophic bottlenecks in stunting: A field test of an
allocation model of growth and reproduction in yellow perch, Perca flavescens. Environ Biol
Fish 45:53–63

Hjelm J, Persson L, and Christensen B. 2000. Growth, morphological variation and ontoge-
netic niche shifts in perch (Perca fluviatilis) in relation to resource availability. Oecologia
122:190–9

Holt C and Yan ND. 2003. Recovery of crustacean zooplankton communities from acidification
in Killarney Park, Ontario, 1971–2000. Ambio 32:203–7

Hontela A and Lacroix A. 2006. Heavy metals. In: Carr J and Norris DO (eds), Endocrine
Disruptors: Biological Basis for Health Effects in Wildlife and Humans, Chap 17, pp 356–
74. Oxford University Press, Oxford, UK

Hontela A. 1997. Endocrine and physiological responses of fish to xenobiotics: Role of glu-
cocorticosteroid hormones. Rev Toxicol 1:1–46

Hontela A, Dumont P, Duclos D, et al. 1995. Endocrine and metabolic dysfunction in yel-
low perch Perca flavescens, exposed to organic contaminants and heavy metals in the St.
Lawrence River. Environ Toxicol Chem 14:725–31

Huston MA. 1994. Biological Diversity: The Coexistence of Species on Changing Landscapes.
Cambridge University Press, Cambridge, UK

Iles A and JB Rasmussen. 2005. Indirect effects of metal contamination on energetics of yellow
perch (Perca flavescens) resulting from foodweb simplification. Freshw Biol 50:976–92

Johnson RK, Eriksson L, and Wiederholm T. 1992. Ordination of profundal zoobenthos along
a trace metal pollution gradient in northern Sweden. Water Air Soil Poll 65:339–1

Kaufman SD, Gunn JM, Morgan GE, et al. 2006. Muscle enzymes reveal walleye (Sander vitreus)
are less active when larger prey (cisco, Coregonus artedi) are present. Can J Fish Aquat Sci
63:970–9

Keller W. 1992. Introduction and overview to aquatic acidification studies in the Sudbury,
Ontario, Canada, area. Can J Fish Aquat Sci 49:3–7

Keller W and Yan ND. 1998. Biological recovery from lake acidification: Zooplankton com-
munities as a model of patterns and processes. Restor Ecol 6:364–75

Keller W, Henberry JH, and Gunn JM. 1999. Effects of emission reductions from the Sudbury
smelters on the recovery of acid- and metal-damaged lakes. J Aquat Ecosyst Stress Recov
6:189–98

Keller W, Heneberry JH, and Dixit SS. 2003. Decreased acid deposition and the chemical
recovery of Killarney, Ontario, lakes. Ambio 32:183–9

Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008 347



J. B. Rasmussen et al.

Keller W, Heneberry JH, Gunn JM, et al. 2004. Recovery of Acid and Metal Damaged Lakes
near Sudbury, Ontario: Trends and Status. Cooperative Freshwater Ecology Unit Report,
Sudbury, ON, Canada

Keller W, Yan ND, Gunn JM, et al. 2007. Recovery of acidified lakes: Lessons from Sudbury,
Ontario, Canada. Water Air Soil Pollut 7:317–22

Kovecses J, Sherwood GD, and Rasmussen JB. 2005. Impacts of altered benthic invertebrate
communities on the feeding ecology of perch (Perca flavescens) in metal-contaminated
lakes. Can J Fish Aquat Sci 62:153–63

Krohn MM and Boisclair D. 1994. Use of a stereo-video system to estimate the energy expen-
diture of free swimming fish. Can J Fish Aquat Sci 51:1119–27

Lacroix A and Hontela A. 2004. A comparative assessment of the adrenotoxic effects of cad-
mium in two teleost species, rainbow trout, Oncorhynchus mykiss, and yellow perch, Perca
flavescens. Aquat Toxicol 67:12–21

Laflamme JS, Couillard Y, Campbell PGC, et al. 2000. Interrenal metallothionein and cortisol
secretion in relation to Cd, Cu, and Zn exposure in yellow perch, Perca flavescens, from
Abitibi lakes. Can J Fish Aquat Sci 57:1692–700

Levesque HM, Moon TW, Campbell PGC, et al. 2002. Seasonal variation in carbohydrate and
lipid metabolism of cortisol-impaired metal-exposed yellow perch (Perca flavescens). Aquat
Toxicol 60:257–67

Levesque HM, Dorval J, Van Der Kraak GJ, et al. 2003. Hormonal, morphological, and physi-
ological responses of yellow perch (Perca flavescens) to chronic environmental metal expo-
sure. J Toxicol Environ Health 66A:657–76

Lippert KA, Gunn JM, and Morgan GE. Effects of colonizing predators on yellow perch (Perca
flavescens) populations in lakes recovering from acidification and metal stress. Can J Fish
Aquat Sci 64:1413–28

Lonergan SP and Rasmussen JB. 1996. A multi-taxonomic indicator of acidification: Isolating
the effects of pH from other water-chemistry variables. Can J Fish Aquat Sci 53:1778–87

Lott JP, Willis DW, and Lucchesi DO. 1996. Relationship of food habits to yellow perch growth
and population structure in South Dakota lakes. J Fresh Ecol 11:27–37

Magurran AE. 1988. Ecological Diversity and Its Measurement. Princeton University Press,
Princeton, NJ, USA

Matson AL. 2007. The Influence of Land Cover Characteristics on Lake Bottom Sediments in
the Sudbury Area. Dept. of Geography B.A. Thesis. Laurentian University, Sudbury, ON,
Canada

Milani D, Reynoldson TB, Borgmann U, et al. 2003. The relative sensitivity of four benthic
invertebrates to metals in spiked-sediment exposures and application to contaminated
field sediment.Environ Toxicol Chem 22:845–54

Miller LM. 2003. Microsatellite DNA loci reveal genetic structure of yellow perch in Lake
Michigan. Trans Am Fish Soc 132:503–12

Munkittrick KR and Dixon DG. 1988. Growth, fecundity, and energy stores of white sucker
(Catostomus commersoni) from lakes containing elevated levels of copper and zinc. Can J
Fish Aquat Sci 45:1355–65

Munkittrick KR, Miller PA, Barton DR, et al. 1991. Altered performance of white sucker
populations in the Manitouwadge chain of lakes is associated with changes in benthic
macroinvertebrate communities as a result of copper and zinc contamination. Ecotoxicol
Environ Safety 21:318–26

Niyogi S, Couture P, Pyle G, et al. 2004. Acute cadmium biotic ligand model characteristics
of laboratory-reared and wild yellow perch (Perca flavescens) relative to rainbow trout (On-
corhynchus mykiss). Can J Fish Aquat Sci 61:942–53

Nriagu JO, Wong HKT, Lawson G, et al. 1998. Saturation of ecosystems with toxic metals in
Sudbury basin, Ontario, Canada. Sci Total Environ 223:99–117

348 Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008



Direct and Indirect Effects of Metals on Yellow Perch

Pazzia I, Trudel M, Ridgway M, et al. 2002. Influence of food web structure on the growth and
bioenergetics of lake trout (Salvelinus namaycush). Can J Fish Aquat Sci 59:1593–605

Persson L. 1987. The effects of resource availability and distribution on size class interactions
in perch, Perca fluviatilis. Oikos 48:148–60

Persson L, De Roos AM, Claesson D, et al. 2003. Gigantic cannibals driving a whole-lake trophic
cascade. Proc Nat Acad Sci 100:4035–9

Rajotte JW and Couture P. 2002. Effects of environmental metal contamination on the con-
dition, swimming performance and tissue metabolic capacities of wild yellow perch (Perca
flavescens). Can J Fish Aquat Sci 59:1296–304

Rasmussen JB. 1988. Habitat requirements of burrowing mayflies (Ephemeridae: Hexagenia)
in lakes, with special reference to the effects of eutrophication. J N Am Benthol Soc 7:51–64

Rasmussen JB. 1993. Patterns in the size structure of littoral zone macroinvertebrate commu-
nities. Can J Fish Aquat Sci 50:2192–207

Raynal N, Hontela A, and Jumarie C. 2005. Cadmium uptake in isolated adrenocortical cells
of rainbow trout and yellow perch. Comp Biochem Physiol C 140:375–82

Rennie MD, Collins NC, Shuter BJ, et al. 2005. A comparison of methods for estimating activity
costs of wild fish populations: More active fish observed to grow slower. Can J Fish Aquat
Sci 62:767–80

Ryan PM and Harvey HH. 1980. Growth responses of yellow perch (Perca flavescens Mitchill)
to lake acidification in the La Cloche mountains lakes of Ontario. Environ Biol Fish 5:97–
108

Schaeffer JS, Diana JS, and Haas RC. 2000. Effects of long-term changes in the benthic com-
munity on yellow perch in Saginaw Bay, Lake Huron. J Great Lakes Res 26:340–51

Schindler DW. 1988. Effects of acid rain on freshwater ecosystems. Science 239:149–57
Schindler DW, Frost TM, Mills KK, et al. 1990. Comparisons between experimentally-acidified

and atmospherically-acidified lakes during stress and recovery. Proc Roy Soc Edinburgh
Sect B—Biol Sci 97:193–226

Sherwood GD, Rasmussen JB, Rowan DJ, et al. 2000. Bioenergetic costs of heavy metal exposure
in yellow perch (Perca flavescens): In situ estimates with a radiotracer (Cs-137) technique.
Can J Fish Aquat Sci 57:441–50

Sherwood GD, Kovecses J, Hontela A, et al. 2002a. Simplified food webs lead to energetic
bottlenecks in polluted lakes. Can J Fish Aquat Sci 59:1–5

Sherwood GD, Pazzia I, Moeser A, et al. 2002b. Shifting gears: Enzymatic evidence for the
energetic advantage of switching diet in wild-living fish. Can J Fish Aquat Sci 59:229–41

Snucins E. 2003 Recolonization of acid-damaged lakes by the benthic invertebrates Stenacron
interpunctatum, Stenonema fermoratum, and Hyalella azteca. Ambio 32:225–9

Sprules WG. 1975. Midsummer crustacean zooplankton communities in acid-stressed lakes. J
Fish Res Bd Can 32:389–95

Sullivan KM and Somero GN. 1980. Enzyme activities of fish skeletal muscle and brain as
influenced by depth of occurrence and habits of feeding and locomotion. Mar Biol 60:91–
9

Taylor LN, McFarlane WJ, Pyle GG, et al. 2004. Use of performance indicators in evaluating
chronic metal exposure in wild yellow perch (Perca flavescens). Aquat Toxicol 67:371–85

Tyson JT and Knight RL. 2001. Response of yellow perch to changes in the benthic invertebrate
community of Western Lake Erie. Trans Am Fish Soc 130:766–82

Vadeboncoeur Y, Lodge DM, and Carpenter SR. 2001.Whole-lake fertilization effects on dis-
tribution of primary production between benthic and pelagic habitats. Ecology 82:1065–
77

Vander Zanden MJ and Vadeboncoeur Y. 2002. Fishes as integrators of benthic and pelagic
food webs in lakes. Ecology 83:2152–61

Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008 349



J. B. Rasmussen et al.

Winterhalder K. 1996. Environmental degradations and rehabilitation of a landscape around
Sudbury, a major mining and smelting area. Environ Rev 4:189–224

Yan ND, Girard RE, Heneberry JH, et al. 2004. Recovery of copepod but not cladoceran
zooplankton from severe and chronic effects of multiple stressors. Ecol Lett 7:452–60

Yan ND, Keller W, Somers KM, et al. 1996. Recovery of crustacean zooplankton communities
from acid and metal contamination: Comparing manipulated and reference lakes. Can J
Fish Aquat. Sci 53:301–27.

350 Hum. Ecol. Risk Assess. Vol. 14, No. 2, 2008




